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Chapter 13 Indirect effects of acidifying 
 compounds on natural systems: 
 critical loads 
Introduction 
Historical data provide evidence of increasing transport of sulfate (SO4

2–) in natural systems, by 
factors of up to 2 and 3.5 in 1950 and 1980, respectively, in comparison to preindustrial levels 
(1). Sulfur dioxide emissions are largely due to the combustion of fossil fuels for power 
generation, for industrial production processes and by households. These emissions provide a 
significant contribution to air pollution in urban areas and on a regional or wider scale. Sulfur 
dioxide emissions have declined over the last decade in Europe and North America following 
international agreements on abatement policies, but have increased rapidly in areas with high 
economic growth such as south-east Asia. In Europe, about 41 Mt of sulfur dioxide were 
emitted in 1990 compared to about 55 Mt in 1980 (2). In the Asian-Pacific region, emissions in 
1990 reached about 35 Mt and are expected to increase rapidly (3). The risk of widespread 
damage to natural systems (i.e. acidification) due to sulfur emissions may have decreased in 
Europe, but is highly likely to increase in fast-developing economies. However, sulfur is not the 
only acidifying compound of concern; nitrogen deposition, which in addition causes 
eutrophication, can also cause damage. There are indications that the ability of vegetation to 
take up nutrients is dependent on acid stress (4). 
  
In this chapter, the effects and risks of sulfur dioxide emissions and resulting deposition are 
described for soils in general and for forest soils and surface waters in particular. The risk of 
damage due to acidification is emphasized. It should be noted that allowable exposure to 
acidification as a basis for deriving guidelines for acceptable levels of sulfur deposition should 
not be assessed in isolation from nitrogen compounds. The effects of nitrogen compounds and 
the direct impacts of air concentrations of sulfur dioxide and nitrogen oxides are considered in 
Chapters 10, 11 and 14.  

Routes of exposure of natural systems  
Oxidized sulfur can affect terrestrial and aquatic ecosystems. Emissions of sulfur dioxide in the 
air are transformed to sulfate, which constitutes the major compound of acid deposition. Nitrate 
is another important component (5). 

Indirect effects on terrestrial ecosystems 
Damage to forests in Europe, including defoliation, discoloration, growth decrease and tree 
dieback, have been reported over the last decade. Terrestrial ecosystems can be affected directly 
owing to the impact on foliage and indirectly via soil acidification. 
 
Soil acidification was originally defined as a decrease in the acid neutralizing capacity (ANC) of 
the inorganic fraction of the soil, including the solution phase (6,7). ANC is in turn defined as 
the sum of the basic components (cations) minus the strong acidic components, i.e. the strong 
acid anions. Soil acidification in this sense is directly dependent on the net supply of base 
cations (from weathering and deposition) and the net supply of anions (deposition minus 
retention) in the mineral content. It has since been recognized that accumulation of sulfur (and 
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nitrogen) compounds in organic matter should also be included, leading to a definition of soil 
acidification in terms of “a decrease in ANC of the total solid (mineral and organic) and solution 
phase of the soil” (8). A distinction is thus introduced between actual and potential acidification, 
i.e. acidification caused by immediate cation removal (actual) and acidification delayed by anion 
retention (potential).  
  
Soil acidification not only occurs as a consequence of the deposition of acidifying or potentially 
acidifying compounds. Several other causes can be identified (9,10) including the following: 

• decreased deposition of acid-neutralizing compounds; 

• increased primary productivity (and/or biomass harvest); 

• increased rate of nitrification or sulfur oxidation; 

• changes in land use, e.g. afforestation, introduction of acidifying species, and changes in 
forest management; 

• reduced decomposition rate of litter and soil organic matter; and 

• increased production and vertical movement of organic acids. 

It is generally accepted that soil acidification is caused by the uncoupling of element cycles in 
relation to the cycling of hydrogen (H+) (11,12).The most important processes identified by Van 
Breemen et al. (13) and modified by De Vries and Breeuwsma (8) are summarized in Table 1. 
 

Table 1. The relationship between H+-producing and H+-consuming  
processes in the soil 

 
H+ sources H+ sinks 

Uptake of cations Uptake of anions 

Mineralization of anions Mineralization of cations 

Oxidation reactions Reduction reactions 

Dissociation of weak acids (carbon dioxide, 
organic acids) 

Association of weak acids (carbon dioxide, organic 
acids) 

Weathering, desorption of anions, precipitation, 
adsorption of cations 

Weathering, desorption of cations, precipitation, 
adsorption of anions 

 
Source: De Vries and Breeuwsma (8). 
 
Insight into the natural and anthropogenic causes of soil acidification is obtained by 
investigating the acid-producing and acid-consuming processes listed in Table 1 in relation to 
the complete cycles of elements in the plant–soil system. The management of natural systems, 
e.g. harvesting practices, may make an important additional contribution to the geochemical 
balance. A complete overview of cycles is published elsewhere (8, 14). 
  
Deposition of acidifying compounds such as sulfur dioxide, nitrogen oxides and ammonia leads 
to soil acidification by oxidation to sulfuric and nitric acids and leaching of SO4

2– and NO3
– 

respectively, with accompanying cations. Leaching occurs when vegetation does not sufficiently 
reduce or retain SO4

2– (NO3
–). The extent to which soil is acidified depends on the H+ cycle and 

interacting element cycles, which vary over a broad range in forest soils. It is virtually 
impossible to account for all sinks and sources of H+ for all the biogeochemical constellations of 
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forest soils. To clarify the understanding of soil acidification, Ulrich (15,16) introduced the 
concepts of buffer capacity and buffer rate. Buffer capacity is the total reservoir of buffering 
components in the soil. The buffer rate is taken as the actual rate of release of buffering 
compounds from their pools (e.g. calcium carbonate in calcareous soils). 
  
This general systematic description of acid buffering reactions in soil solution distinguishes four 
buffer ranges. The first is the carbonate buffer range (pH ≥ 6), in which the dissolution rate of 
calcium carbonate is high enough to buffer most of the existing acid loading rates. The second is 
the silicate buffer range, in which base cations are produced by silicate weathering. The rate of 
silicate weathering tends to be low because of the high resistance of silicate rock to 
decomposition and dissolution. The third range is the cation exchange range, in which 
exchangeable base cations in the soils are depleted by replacement of magnesium (Mg2+), 
calcium (Ca2+), sodium (Na+) and potassium (K+) by H+ and aluminium (Al3+). Cation exchange 
occurs on the surfaces of soil particles, and the total amount of the available exchange surfaces 
is known as the cation exchange capacity (CEC). The buffer capacity of the cation exchange 
range is defined as a fraction (i.e. base saturation) of CEC. Since cation exchange reactions are 
fast, an effective buffering of acidity is obtained. Nevertheless, the buffer capacity may be fairly 
low, especially in soils with low quantities of base cations. Finally, the fourth buffer range is the 
aluminium and iron buffer range, where the pH ranges between 3.8 and 4.2. In this range, 
aluminium is from oxides and hydroxides, which change acids (H+) to acid cations (Al3+); these 
are toxic to root systems. Soils with a pH of around 3.8 leach toxic heavy metals and nutrients, 
inhibiting flora and fauna. The soil processes affecting the rate of soil acidification in all of these 
various buffer ranges has been described mathematically by the SMART model (14,17). 
  
From the above it becomes clear that the dynamics of forest soil acidification are very site-
specific and depend on the soil characteristics such as weathering rate, sulfate adsorption 
capacity and CEC. However, by ignoring all time-dependent processes and finite pools, the 
ultimate steady state chemical status of the soils can be calculated (18). Thereafter, by defining 
the relationship between the chemical status (base cation and aluminium concentrations in the 
soil solution) and vegetation response, the so called critical load for that particular ecosystem 
can be derived. This critical load can be interpreted as a guideline for the protection of natural 
systems against acidification. A similar reduction of the complexity of element cycles can be 
formulated for the assessment of the quality of surface waters. 

Indirect effects on freshwater aquatic ecosystems  
The quality of aquatic ecosystems is affected by sulfur compounds deposited directly on the 
water surface and through the runoff from terrestrial catchment through acidified soils. Acidic 
deposition has caused acidification of surface waters, dieback of fish populations, alterations of 
biogeochemical cycles and other ecological changes in large areas of northern Europe and 
eastern parts of North America. Southern Norway is probably the most severely affected area in 
Europe with respect to fish mortality. Acidic water has probably been the cause since as far back 
as the beginning of the twentieth century (19), but it was only at the end of the 1950s that the 
link to acidic deposition was established (20). The extensive reductions in fish populations in 
Norway from the 1960s onwards correlate in space and time with the escalation of atmospheric 
emissions of sulfur and nitrogen compounds in Europe (21). The total land catchment area now 
affected by acidification damage to fish populations in Norway has been estimated at about 
86 000 km2 (22). 
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Studies of Swedish lakes have shown that significant ecological changes, including loss of fish 
populations attributed to anthropogenic acidification, can be dated back to the 1910s or 1920s 
(23,24). Today, about 13 700 lakes in Sweden are considered to be significantly acidified by 
acidic deposition (25). In Finland, the proportion of acidic or poorly buffered lakes is fairly 
large. While acidic lakes are spread over most of the country, they are concentrated in south-
western, central and eastern regions (26). Acidification has caused reductions mainly in roach 
and perch populations (27–29). 
  
Sulfate is normally a mobile anion in glaciated catchment areas. Increased sulfate concentrations 
in runoff owing to increased acidifying inputs are accompanied by an increase in base cations 
and a decrease in bicarbonates, resulting in an acidifying effect on surface waters. The 
acidification of dilute surface waters with low concentrations of dissolved organic carbon has 
generally been due to inputs of sulfate anions. Sulfate and nitrate are deposited in a catchment, 
and acidic surface waters result when the concentrations of these strong acid anions in the runoff 
exceed the concentrations of base cations, delivered mainly by mineral weathering and cation 
exchange processes in the soil and by base cation deposition. The efficiency of these processes 
in counteracting the incoming acidifying deposition determines how much of the mobile strong 
acid anions are balanced by base cations and how much by hydrogen anions. 
  
Under natural conditions, most of the nitrogen deposited on terrestrial catchment is taken up by 
vegetation, leaving only low concentrations of ammonia and nitrate in the runoff. In some areas 
of Europe, however, including Denmark, southernmost Norway and southern Sweden, nitrogen 
concentrations in runoff water appear to be above background values. In such cases, nitrogen 
deposition exceeds the rate of nitrogen retention mechanisms, i.e. growth uptake, denitrification 
and immobilization, thus disrupting the nitrogen cycle. When nitrate becomes mobile and 
appears in surface waters, it contributes to acidity in the same manner as sulfate. 
  
The long-term dynamics of surface water acidification are determined by soil processes taking 
place in the terrestrial catchment (described in the previous section) and processes taking place 
in the water itself. As in the case of forest soils, the end-point steady state status of surface 
waters can be estimated for a given deposition level by ignoring the time-dependent processes 
and finite pools. Moreover, as surface water quality integrates the processes over the whole 
catchment area, the steady state acidity status of surface water can be modelled on the basis of 
present water quality (30). By assigning critical limits for certain chemical components, which 
are based on knowledge of the ecological tolerance of sensitive fish species to water chemical 
conditions (31), critical loads for surface waters can be derived by applying principles of the 
steady state water quality model (32–34). The ANC, defined as the difference between non-
marine base cations and strong acid anions, is used as the chemical criterion for sensitive 
indicator organisms (usually fish) in surface waters. The computed critical loads can be used to 
determine suitable air quality guidelines for the acidifying deposition. 

Dose–response relationships and critical loads 

Acidity 
The importance of ANC and the relationship between base cations and aluminium for assessing 
the quality of surface waters and forest soils, respectively, has been described above. The 
concept of investigating these parameters as a basis for assessing the risk of damage is at the 
basis of the concept of critical loads.  
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The critical load is defined as “the highest deposition of compounds that will not cause chemical 
changes leading to harmful effects on ecosystem structure and function” (35,36). Critical loads 
for acidity have been used as a basis for negotiations on the further reduction of European sulfur 
emissions in the framework of the Convention on Long-Range Transboundary Air Pollution of 
the United Nations Economic Commission for Europe. In general, the aim of the critical load 
(for acidity) approach is to achieve protection of ecosystems, e.g. forest soils and surface waters, 
by sufficiently reducing emissions of acidifying compounds such as sulfur dioxide, nitrogen 
oxides and ammonia. In fact, the critical load for acidity is a measure for allowable acid 
deposition, which is indifferent to whether the acidifying stress is caused by sulfur or by 
nitrogen compounds. However, in the remainder of this section, a critical load of acidity is 
applied as an indicator for acceptable sulfur deposition only. The effects of nitrogen are treated 
in Chapters 11 and 14. Methods (not discussed here) have recently been developed to depict 
combinations of sulfur and nitrogen deposition at which protection against acidification and 
eutrophication can be achieved (37,38). Thus, the proposal in this section is that sulfur emission 
reductions are considered sufficient when the resulting sulfur deposition does not exceed critical 
loads for acidity. 
  
To set a critical load for acidity, an indicator organism is chosen, for which the response to 
different levels of acidification is known. For each indicator organism, chemical criteria have to 
be established such that no damage occurs according to current knowledge. In practice, reliable 
limits have not been established separately for each individual species. 
  
A relationship has been established between increased aluminium concentrations in the soil 
solution and adverse effects to roots and growth (39–45). For example, it has been shown that 
the root length of Norway spruce decreases when the base cation (i.e. calcium) to aluminium 
(BC:Al) ratio is smaller than 1 (46,47). Other limits for forest soils are the aluminium 
concentration in soil solution and the pH. 
  
An extensive overview of both laboratory and field experiments with respect to the relationship 
between BC:Al ratios and damage to trees and ground vegetation can be found in Sverdrup & 
Warvfinge (44). Laboratory results of aluminium damage indicate that tolerance to this element 
varies among tree species. For example, a growth reduction of 80% has been demonstrated at a 
BC:Al ratio of 0.1 for the northern white cedar (Thuja occidentalis) and of 4 for the masson pine 
(Pinus massonii). Sverdrup & Warvfinge (44) found that, as a general rule, a BC:Al ratio ≥ 1 
seems to provide appropriate sustainability for European forests. However, species that grow in 
aluminium-oxide-rich, non-glaciated, old soils, such as teak, guapira, orange and cotton, seem to 
be more accustomed to aluminium than trees from the temperate zone. Thus computation of 
critical loads in Europe (37,38,48–50) have generally applied a BC:Al ratio of 1, whereas 
preliminary critical loads computed in Asia have used varying BC:Al ratios (51). Table 2 gives 
an overview of average limits that have been established for computing critical loads (52,53). 
 
For surface waters, ANC has been considered as a chemical criterion that can used to explain 
the increasing risk for fish damage. For critical load calculations, the critical chemical value, 
termed the ANC limit, has been derived from information on water chemistry and fish status 
obtained from the 1000 lake survey carried out in Norway in 1986 (30,31). The Scandinavian 
countries have decided to use an ANC limit of 20 µeq/litre as the critical chemical value for fish 
in surface waters, the value being well justified by the Norwegian survey (32).  
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Table 2. Acceptable limits for chemical compounds in forest soils 

and freshwater systems 
 

Compound Unit Forest soil Fresh water Groundwater 
Aluminium molc/m3 0.2 0.003 0.02 
BC:Al ratio mol/mol 1 – – 
pH – 4.0a (5.3, 6.0)b 6.0 
ANC molc/m3 – (0.02, 0.08)b 0.14 
Nitrate molc/m3 – – 0.8 

 

aAssuming log Kgibb of 8.0 and [Al] = 0.2 molc/m3. 
bA pH of 6.0 relates to peak flow situations and is associated with an acid neutralizing capacity of 0.08 
molc/m3. 

 
The selected ANC limit has been assessed by examining the relationship between the critical 
load excess and the damage to fish, again using data from the Norwegian 1000-lake survey. The 
probability of damage to fish populations increases clearly as a function of the critical load 
excess (54). When the critical load is not exceeded, there is only a small probability of damage 
to fish, but as soon as the critical load is exceeded, the probability of fish damage starts to 
increase.  
  
The calculation of critical loads is based on the steady state mass balance (SSMB) method, 
which assumes a time-independent steady state of chemical interaction involving an equilibrium 
between the production and the consumption of acidic compounds (37,52). The ratio of base 
cations to aluminium and the aluminium concentration are important indicators that reflect 
whether the ecosystem is protected or not within an infinite time span. By assigning critical 
chemical values for various indicators, it is possible to compute the allowable acidification for 
each ecosystem. Critical loads for acidity and sulfur have been calculated and mapped in Europe 
(37) for forest soils and surface waters and in Asia for 14 vegetation–soil combinations (51).  
  
It should be noted that the critical load is an indicator for long-term sustainability. Research on 
the relationship between current excess of critical loads for acidity on broad regional scales and 
actual damage is required to further develop the applicability of the critical load as a guideline.  

Guidelines 
In Europe, critical loads have been established at the resolution of EMEP1 to allow for 
comparisons between critical loads and (sulfur) deposition values and to identify areas where 
critical loads are exceeded. Critical loads of acidity, as calculated by the SSMB method, are 
predominantly dependent on the rate of base cation weathering. For terrestrial ecosystems, the 
weathering rate can be estimated by combining information on soil parent material and texture 
properties. Table 3 lists the ranges of critical loads in relation to combinations of parent material 
and texture classes.  
 

                     

1 Cooperative Programme for the Monitoring and Evaluation of Long Range Air Pollutants in Europe. 
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Table 3. Critical load ranges used for the various combinations of parent material and 

texture classes in terrestrial ecosystems 
 
Guideline range of critical 
loads (eq/ha per year) 

Parent material Texture classa 

< 250 Acidicb Coarse 
250–500 Acidic 

Intermediatec 
Basicd 

Coarse-medium 
Coarse 
Coarse 

500–1000 Acidic 
Intermediate 
Basic 

Medium, medium-fine 
Coarse-medium, medium 
Coarse-medium 

1000–1500 Intermediate 
Basic 

Medium-fine 
Medium 

> 1500 Intermediate 
Basic 

Fine 
Medium-fine 

 

a Coarse – clay content < 18%; medium – clay content 18–35%; fine – clay content >35%. 
b Sand(stone), gravel, granite, quartzine, gneiss. 
c Gronodiorite, loess, fluvial and marine sediment. 
d Gabbro, basalt, dolomite, volcanic deposits. 
 
 
Additional factors, such as vegetation cover, further modify the value of the critical load. To 
calculate precise critical loads for a given geographical area it is recommended that the mass 
balance equation be used. 
  
For surface waters, the weathering rate can be estimated on the basis of water quality and 
quantity variables, of which base cation concentrations and runoff are the most influential. Table 
4 lists the ranges of critical loads in relation to combinations of base cation concentration and 
runoff classes. For each critical load class, at least 50% of the critical load values computed on 
the basis of lake data from Finland, Norway and Sweden fall within the class boundaries, given 
the ranges for present base cation concentrations and runoff. In just two cases, the boundaries 
for the base cation concentration classes overlap two critical load classes, when the class 
boundaries were set on the basis of the 25th and 75th percentile base cation concentrations for 
given runoff classes. For these cases the critical loads are determined more by other factors than 
base cation levels and runoff; the guideline values set are therefore more uncertain than those 
without overlap.  
 
An assessment of the cumulative distribution of critical load data available for terrestrial 
ecosystems and surface waters in Europe, as collected in the framework of the UN/ECE 
mapping programme, shows the following: about 1% of the natural systems have critical loads 
lower than 250 eq/ha per year (at a median of 170 eq/ha per year); the range of 250–500 eq/ha 
per year covers about 3% (at a median of 414 eq/ha per year); and about 11% of the area has 
critical loads of 500–1000 eq/ha per year (at a median of 821 eq/ha per year). Thus about 15% 
of terrestrial and surface water ecosystems have critical loads for sulfur lower than 821 eq/ha per 
year. 
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Table 4. Critical load ranges used for various combinations of base cation 
concentration and runoff for surface waters 

 
Guideline range of critical 
loads (eq/ha per year) 

Base cation concentration 
(meq/m3) 

Runoff (m) 

< 250 < 45 
< 100 
< 270a 

> 1 
0.3–1 
< 0.3 

250–500 45–70 
100–190 
250–400a 

> 1 
0.3–1 
< 0.3 

500–1000 70–103 
190–290 
400–650 

> 1 
0.3–1 
< 0.3 

1000–1500 103–170 
290–465a 

650–1300 

> 1 
0.3–1 
< 0.3 

> 1500 > 170 
> 350a 
> 1300 

> 1 
0.3–1 
< 0.3 

 

a The class boundaries overlap.  
 
 
The median critical load of acidity of each of the ranges, i.e. 0–250, 250–500, 500–1000, 1000–
1500 and higher, is proposed as the representative value for these ranges. Table 5 lists the 
median values for each range, including the related protection percentage of the total European 
natural area.  
 
 

Table 5. Median values of critical load ranges for terrestrial and surface water 
 

Guideline range of critical 
loads (eq/ha per year) 

Median (eq/ha per year) Ecosystem area protected 
in Europe (%) 

< 250 170.0 99.2 

250–500 414.0 96.2 

500–1000 821.0 85.3 

1000–1500 1269.0 73.7 

> 1500 2295.0 29.9 
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